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Glossary
Biodiversity dynamics models Models describing the
dynamics of one or more measures or dimensions of
biodiversity (e.g., species diversity or population
abundances).
Countryside habitats A landscape made of native and
human-dominated habitats.
Human-dominated habitat A habitat that has been
significantly altered by humans. Significant habitat
alterations include the conversion of natural forest into a
pasture or the reclamation of a wetland for agriculture.
Land use The set of human activities within a landscape
and their impacts on natural processes, such as physical,
chemical, and biological cycles. In practice, land use is often
classified in major categories such as cropland, pasture,
plantation forest, and natural forest.
Metapopulation model A model of a population
restricted to habitat patches immersed in a matrix used only
for dispersal. The population in each habitat patch may go
extinct through stochastic processes and recolonized by
individuals dispersing from other patches.
Native habitat Native habitat is the community of species
and the physical environment that occurred in a region
before human intervention. In this article, it is equated to

Introduction
Despite international efforts and commitments to reduce
biodiversity loss, biodiversity continues to decline at high rates
compared to those in the background fossil record (Butchart
et al., 2010; Barnosky et al., 2011). Land-use change is currently
the main driver of biodiversity loss in terrestrial ecosystems
and is likely to remain so over the next few decades (Duraiappah et al., 2005; Pereira et al., 2010). It is therefore essential to assess how different patterns of land-use affect
biodiversity, in order to compare the biodiversity costs and
benefits of different policy and management options.
Much of the recent modeling efforts on biodiversity dynamics of global change have looked at the impacts of climate
change (Thuiller et al., 2008; Pereira et al., 2010). However,
many of the original projections of global extinction rates were
developed from forest loss estimates (Pimm et al., 1995), and
there is a renewed interest in models linking biodiversity response to land-use change at different scales (Pereira and Daily,
2006; Wright, 2010; He and Hubbell, 2011). Some of this
renewed interest comes from the realization that although the
conversion of native habitats to agriculture and other humandominated habitats is followed by biodiversity loss (Brooks
et al., 1999, 2003), countryside habitats can also support important levels of biodiversity, particularly when forest patches
or other complex vegetation features remain (Daily et al., 2003;
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the naturally occurring vegetation in a region. In other
contexts, it refers to the particular natural habitat of a given
species.
Phenomenological models Models that relate observable
variables without postulating the underlying (physical,
biological, etc.) mechanisms. For example, the species–area
relationship is a phenomenological model because it does
not explicitly state the mechanisms leading to the
relationship between the number of species and area.
Process-based models Models explicitly based on
mathematical representations of processes or mechanisms,
such as animal or seed dispersal. For example, population
dynamics models describe the evolution over time of the
population abundance by accounting for processes such as
birth, death, and dispersal.
Species–area relationships The relationship between the
size of a given habitat or area sampled across habitats, and
the number of species (typically of a specific taxonomic
group) found in that area.
Source-sink population model A model of a population
that occupies multiple habitats in the landscape connected
trough dispersal. The habitats where population growth is
positive are sources and the habitats where growth is
negative are sinks.

Ranganathan et al., 2008). Another important issue is that
global land-use change dynamics are increasingly complex.
While forest loss continues to occur in tropical forests and
subtropical woodlands, some regions of the world are seeing an
expansion of forest trough natural vegetation regeneration or
plantations (van Vuuren et al., 2006; UNEP, 2007; FAO, 2010).
Therefore, there is a need for models that can capture not only
the biodiversity consequences of native forest loss, but also the
potential benefits of natural forest expansion or the implications of forest plantations for biodiversity.
Here we review existing models to study the response of
biodiversity to land-use change. These models can be grouped
in two major categories: phenomenological and process-based
(Pereira et al., 2010). Phenomenological models use empirical
relationships between habitat characteristics such as area and
land-use intensity and species diversity or other biodiversity
metrics. The most widely used phenomenological model is the
species–area relationship (SAR), and it illustrates the approach
of this type of model. There is a well-known relationship between the size of an area and the number of species in that
area (Rosenzweig, 1995). The assumption is that the SAR can
be applied to project the number of extinctions as a consequence of loss of area of native habitat, even if we do not
explicitly model the processes that cause the relationship between the size of an area and its number of species. In contrast, process-based models try to capture the processes that
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underlie the relationship between land use and biodiversity.
For example source-sink models (Doak, 1995; Pereira et al.,
2004) describe the population dynamics of species in habitats
of good quality and habitats of poor quality and the movement of individuals between those habitats. Land-use change
modifies the proportion and the spatial configuration of the
habitats in the landscape. Therefore, in source-sink models
there is an explicit link between the land-use change processes
and species population dynamics.
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A2

A1

Phenomenological Models
(a)

Native Habitats: Species–Area Relationship
It has been long known by ecologists that the number of
species in a given area increases with the size of the area
(Arrhenius, 1921). Several expressions have been proposed to
describe the relationship between number of species, S, and
the size of an area, A, with the most common one being the
power law (Dengler, 2009):
SðAÞ ¼ cAz

A3

½1%

where z depends on the sampling regime and scale and c depends on the taxonomic group and region (Rosenzweig,
1995). Therefore, if there is a habitat loss of area a from a total
area A, the proportion of species going extinct can be estimated as
!
SðAÞ & SðA & aÞ
a "z
¼1& 1&
SðAÞ
A

A1

½2%

The problem is that, in general, (1) is estimated from
patterns that were generated by very different processes from
the habitat loss patterns that (2) aims at describing. There are
two general types of sampling for the SAR (Drakare et al.,
2006; Dengler, 2009): nested sampling and isolate sampling.
In nested sampling, progressively larger areas of a continuous
ecosystem are sampled, usually nested within each other
(Figure 1(a)). The SARs generated by this type of sampling are
also known as continental SARs (Rosenzweig, 1995), as in
most cases they come from studies on continents. In isolate
sampling (Figure 1(b)), habitat isolates with different area
sizes are sampled. Initially, most of the SARs using isolate
sampling came from island archipelagos, and therefore this
type of SAR has been named the island SAR (Rosenzweig,
1995). A fundamental difference between nested and isolate
SARs is that in nested SARs species number must always increase with the area size whereas in isolate SARs species
number may increase or decrease with the area size.
The z-values of the SAR, key parameter to calculate extinction projections in [2], are often higher in oceanic islands
than in nested areas in a continent. For instance, Rosenzweig
(1995) gives a range of 0.25–0.35 for the former and
0.12–0.18 for the latter (Figure 2). However, recent studies
have shown that the nested SAR exhibits a much broader range
of z-values, from about 0.10 to more than 0.40 (Sala et al.,
2005; Drakare et al., 2006), and that the z-values are particularly dependent on the scale of the study (Crawley and Harral,
2001; Pereira et al., 2012). Furthermore, the z-value of isolates
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(b)

Figure 1 The sampling scheme of the different types of
species–area relationship: (a) nested sampling or continental SAR;
(b) isolate sampling or island SAR.

on mainlands are often lower than the z-values of true islands
in an ocean (Drakare et al., 2006).
The species that are likely to go extinct immediately after
habitat loss are the species endemic to the region of destroyed
habitat (Kinzig and Harte, 2000; He and Hubbell, 2011). If the
loss of the habitat happens in the periphery, then the nested
SAR will describe the number of extinctions. This happens
because the number of endemics in an outer ring of the
habitat of size a is given by [2], assuming that the z-value of
the SAR in [1] was estimated as in Figure 1(a) (Pereira et al.,
2012). If the habitat loss occurs in the center, the z-value from
the nested SAR may overestimate the number of endemics. In
that case, zisolate ¼0.25 the endemics–area relationship (EAR),
built by counting the number of endemics in progressively
larger areas (as in Figure 1(a)), will better describe immediate
species extinction. The z-values of the EAR are generally lower
than the z-values of the nested continental SAR (He and
Hubbell, 2011).
Many species that were not confined to the areas of habitat
loss may go extinct in the long term because the remaining
area of habitat may not be sufficient to allow for their persistence (i.e., sink species, as their dynamics are dominated by
the modified habitats in the landscape which act as sinks). The
difference between the species that go immediately extinct and
the species that are likely to go extinct in the future has been
coined ‘‘extinction debt.’’ This second stage of extinctions can
take from decades to millennia (Pereira et al., 2010), and it has
been proposed that it is better described by the island SAR
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Figure 2 Comparison of the projections of species extinctions for
the countryside SAR, the nested SAR and the isolate SAR. The EAR
or the nested SAR (here znested ¼0.15) follow a similar shape, but
with lower z-values than the isolate SAR (here zisolate ¼0.25). Notice
that when we use the classical SAR or the EAR all the species
vanishes when the native habitat is completely lost. In the
countryside SAR there are still species surviving when all the native
habitat is converted. In this example we assumed that there are two
groups of species (group 1 and 2) with the following
parameters: h1,Native ¼1, h1,Human-dominated ¼ 0.25, h2,Native ¼1,
h2,Human-dominated ¼0.5, c1 ¼0.75, c1 ¼0.25, and z¼0.25.

(Rosenzweig, 2001). This happens because the island SAR is
more the result of colonization/extinction dynamics than of
the sampling effects that are intrinsic to the nested SAR and
instantaneous extinctions. Note that another process, habitat
turn-over, plays a role in both the isolate SAR and the nested
SAR. SAR for multiple habitats, discussed in the next section,
allows the study of the effects of habitat turn-over on
extinction.
One problem with using the island SAR is that a fragment
of native habitat surrounded by agricultural areas is ecologically different from an island surrounded by oceans: the
agricultural matrix is more inhabitable than an ocean for most
species. An alternative is to use the SAR from habitat isolates
(e.g., in agricultural land) to estimate extinctions. A problem
with this second approach is that, in many cases, time after
fragmentation is still relatively short for the communities in
sampled habitat isolates to have reached equilibrium. A third
problem comes from the difference between what happens
when a large region of native habitat is reduced and what are
the processes determining species diversity in habitat isolates
of different sizes in an agricultural matrix. In the latter, there
can be source-sink dynamics between different patches while
in the former the only source is the original habitat region;
therefore, instead of a spatial source-sink dynamics we have a
temporal source-sink dynamics. The problem is further compounded by the fact that the remaining habitat is likely to be
itself fragmented.

Countryside Habitats: A Species–Area Relationship for
Multiple Habitats
All of the SAR approaches described above assume that no
species persist outside native habitats, and that when all
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habitat is converted to human-dominated habitats (e.g., agricultural lands) all species go extinct (Figure 2). In reality many
species are able to persist in human-dominated landscapes.
For instance, at least half of terrestrial Costa Rican bird species
and nonflying mammal species use agricultural habitats
(Daily et al., 2001, 2003). Pereira and Daily (2006) proposed a
model to describe the use of both human-dominated and
native habitats by many species: the countryside species–area
relationship (countryside SAR).
The countryside SAR tracks the number of species in
groups of species with similar affinities for the habitats in the
landscape. The number of species in group i, Si, is given by
Si ¼ ci

n
X

hij Aj

j¼1

!zi

½3%

where hij is the affinity of group i to habitat j, Aj is the area
covered by habitat j, and n is the number of habitats. When
the affinity of group i to the preferred habitat k is normalized
to unity (hik ¼1), the habitat affinity hij becomes a conversion
factor from the area of habitat j into an equivalent area of
preferred habitat. The total number of species in the landscape
is given by
S¼

m
X

i¼1

Si

½4%

where m is the number of species groups considered.
The countryside SAR can be used to project the biodiversity
response to scenarios of land-use change (Proenc- a et al.,
2009). In contrast with the classic SAR, a proportion of species
may remain in the landscape even if all native habitat is
converted to human-dominated habitats (Figure 2). The
countryside SAR suggests that neither the isolate SAR nor the
nested SAR describes extinctions. Instead, the equilibrium
number of species in a modified landscape is higher than what
is predicted by either of these two curves. Extinction debt may
occur, but it will be given by the difference between immediate
extinctions caused by habitat conversion (the endemic species
that cannot survive in the new habitat, which will be fewer
than the ones projected by the EAR) and the species that will
go extinct in the medium to long-term because they do not
have enough source habitats (i.e., sink species). The countryside SAR is likely to describe the short-term extinctions better,
but more research is needed.
The countryside SAR can be used to project biodiversity
changes, not only from the loss of native habitat but also from
an increase in native habitats, such as natural forests (Proenc- a
et al., 2009), or other habitats such as forest plantations, as
long as those habitats are incorporated into the model and the
affinities of species for those habitats are calculable. The
countryside SAR [3] has been compared with the classic SAR
[1] in mosaic landscapes with multiple habitats, both at the
local scale (e.g., okm2, Proenc- a et al., 2009) and at the regional scale (e.g., 102–104 km2, Martins et al., 2011). In both
cases the countryside SAR performed better that the classic
SAR in describing the number of species in a given area, although the improvement was specially marked at the
local scale.
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Here we discuss briefly three other classes of phenomenological models: direct inferences from geographic ranges,
dose–response models and statistical estimators of diversity.
Global species distributions are now available for all terrestrial vertebrate groups (Mace et al., 2005; Hoffmann et al.,
2010). Therefore, using the simple assumption that species are
restricted to native habitats, the future range of a species can
be estimated by obliterating from the species’ current range all
the areas that are projected to be converted to agriculture,
according to spatially explicit scenarios of future land-use
change (Jetz et al., 2007). The declines in species ranges can
then be classified according to the International Union for
Conservation of Nature (IUCN) criteria to produce a list of
future-threatened species (Jetz et al., 2007). Projections that
account for the persistence of species in human-dominated
habitat can be obtained by classifying the suitability of the
different land-uses for each species, and only obliterating from
the current range of a species the area that will be occupied by
habitat with no suitability for that species (Visconti et al.,
2011).
Dose–response models are based on correlations between
the level of an ecosystem change driver and the biodiversity
response. For instance, the GLOBIO model (Alkemade et al.,
2009) uses a matrix with estimates of changes in mean species
abundances for conversions between any two types of land
use, based on 89 empirical studies comparing species abundance between at least one land-use type and primary vegetation (Figure 3). Then, based on land-use change scenarios,
GLOBIO projects changes in mean species abundance in each
grid cell of the land-use maps, which can then be averaged
over countries or regions. GLOBIO also uses relationships
between the mean species abundance and other drivers such
as the level of infrastructure development and the level of
fragmentation, and assumes a multiplicative effect of the
ecosystem change drivers to estimate the integrated impact on
mean species abundance.
When sample plots are taken from a region, the total
species diversity of the region can be estimated by using statistical estimators that use information on the number of plots
in which each species was found. For instance, if the same
species appear in all plots it is likely that all the species in the
region were sampled. If most species occur in only one plot it
is likely that many other rare species occur in the region and
were not sampled, and therefore the species diversity of the
region is higher than the number of species collected in the
plots. Based on these statistical methods, Hughes et al. (2002)
estimated the total number of bird species in a countryside
region using samples from cattle pastures, coffee plots, mixed
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Other Models
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There have been other models proposed for a multihabitat
SAR (Tjørve, 2002; Triantis et al., 2003). The model from
Triantis et al. (2003) substitutes area in the SAR by the product
of the area with the number of habitats. Tjørve’s (2002) model
adds the SAR of each habitat in the landscape deducted by the
number of species overlapping between habitats to produce
an estimate of the overall species diversity. None of the
models explicitly tracks groups of species with distinct habitat
affinities.

MSA (land use)

324

Figure 3 Box and whisker plot of the mean abundance of species
(MSA) relative to their abundance in undisturbed/primary ecosystems
for several land-use categories. Reproduced from Alkemade R, van
Oorschot M, Miles L, Nellemann C, Bakkenes M, and ten Brink B
(2009) GLOBIO3: A framework to investigate options for reducing
global terrestrial biodiversity loss. Ecosystems 12: 374–390, with
permission from Springer.

agricultural plots, gardens, thin riparian strips of native vegetation, and small forest remnants. Then, in order to test the
effect of the disappearance of certain elements from the
landscape, they recalculated the diversity of the species in
the region without the plots corresponding to those elements.

Process-Based Models
Reaction–Diffusion and Integro-Difference Equations
Reaction–diffusion models are spatially explicit models that
track the population density of a species at each point in
space. They were introduced in population ecology by Skellam
(1951) and Kierstead and Slobodkin (1953), and are hereafter
referred to as Skellam’s equation (but sometimes also called
the KISS model, after the name of these three authors). Earlier,
reaction–diffusion had been introduced into population
genetics by Fisher (1937), to look at the spatial spread of a
mutant gene in a population. The main ingredients of Skellam’s equation are the dispersal of individuals, which is approximated as a random diffusion process, and the local
population growth dynamics (Shigesada and Kawasaki, 1997).
For a population inhabiting habitat j, Skellam’s equation is

q Nðx,y,tÞ
¼ Dj r2 Nðx,y,t Þ þ Fj ðNðx,y,tÞÞ
qt

½5%

where the symbol r2 stands for ðq 2 =q x2 þ q 2 =q y2 Þ, N(x,y,t) is
the density of the population, at location (x,y) at time t, Dj is
the diffusion coefficient in habitat j and Fj is the growth rate
function of the population in j and it can take distinct forms.
If we assume, for example, that the population has logistic
growth in habitat j with growth rate rj and carrying capacity
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Kj, then Skellam’s equation becomes
# 2
$
q Nðx,y,tÞ
q Nðx,y,tÞ q 2 Nðx,y,tÞ
¼ Dj
þ
2
2
qt
qx
qy
#
$
Nðx,y,tÞ
þrj Nðx,y,t Þ 1 &
Kj

½6%

This equation allows for the simulation of source-sink dynamics (Pulliam, 1988) between different habitats in the landscape (Figure 4(b)): the source habitats correspond to habitats
where rj40 (i.e., the birth rate is higher than the death rate) and
the sink habitats correspond to habitats where rjo0 (i.e., the
birth rate is lower than the death rate). The model predicts that
there is a minimum area of source habitat required to sustain a
species in a human-modified landscape (Pereira et al., 2004).
Skellam’s equation is suited to describe the spatial and
temporal evolution of a single species, but it can be generalized
to communities of several species (Levin, 1974; Ōkubo and
Levin, 2001). For instance, Pereira et al. (2004) used Skellam’s
equation to study the response of the avifauna of Costa Rica to
land-use change, and Pereira and Daily (2006) applied the
same methodology to study the vulnerability of the mammal
fauna of Central America in a countryside habitat. They applied
Skellam’s equation to each species individually using known
population growth and diffusion coefficients from the literature
or, when necessary, estimated them from allometric relationships. An important result of their work is that it is worth investing conservation resources in countryside habitats, in
agreement with the results of the countryside SAR.
One of the advantage of Skellam’s equation is its small
number of parameters (at a minimum it involves three parameters: population growth rates in the source and sink
habitats, and diffusion coefficient). In contrast, most models
used in population viability analysis (Possingham et al., 2001)
tend to be very parameter rich, turning them difficult to apply
to a community of species (but see Keith et al., 2008). Still,
Skellam’s equation requires (and provides) more information
than methods based on the SAR, because the latter assumes all

species to be equal (or in the case of the countryside SAR, all
the species in a given group), therefore not taking into account
their relative vulnerability to land-use change. Skellam’s
equation lies between the traditional (parameter poor) SAR
and (parameter rich) population viability analyses.
There are, however, situations where the approximations
implicit in Skellam’s equation may not be reasonable, such as,
when a species only reproduces and diffuses during specific
periods of the year, or when diffusion coefficients are not
appropriately modeled by normal distributions, such as when
there are long distance dispersal events. In such cases, integrodifference equations are an alternative (Lewis, 1997; Hastings
et al., 2005). For a population in habitat j with density or
number of individuals N, where rj is the growth rate function
and kj(x–x0 ,y–y0 ) is the dispersal probability between points
(x0 ,y0 ) and (x,y) the integro-difference equation is
Z
½7%
Ntþ1 ðx,yÞ ¼ kj ðx & x0 ,y & y0 Þrj ðNt ðx0 ,y0 ÞÞdx0 dy0
A

where A is the area of habitat j and we kept t as a subscript to
highlight the discrete temporal nature of the equation. Naturally, like Skellam’s equation, integro-difference equations
can also be applied to entire species communities, but so far
we are not aware of such applications to countryside habitats.

Multispecies Metapopulation Analysis
Like Skellam’s equation, metapopulation analysis was originally developed to study only one species. Levins (1969, 1970)
developed the basic framework that was later considerably
developed by authors such as Ilka Hanski (e.g., Hanski, 1999).
The main idea of metapopulation analysis is to consider several populations of the same species inhabiting several patches, which are interconnected through dispersal, and
determine how many patches are occupied at one time
(Figure 4(a)). If the rates of colonization and extinction are c
and e, respectively, and the fraction of occupied patches is
given by P then the equation governing the time evolution of
the fraction of occupied patches is
dP
¼ cPð1 & PÞ & eP
dt

(a)

(b)

Figure 4 Schematic representation of a metapopulation (a) and of
the source-sink dynamics of the Skellam model (b). (a) The
population occurs in the green patches, and each patch has a
colonization rate (dependent on the distance to other patches) and an
extinction rate (dependent on the size of the patch). (b) The
population uses the entire landscape, but has a different fitness in
each habitat. In a source habitat (green patches) birth rate is greater
than mortality rate, while the reverse happens in the sink habitat
(white matrix). The former case leads to dispersal ability being a
positive factor to the survival of the population because more
patches can be colonized. In the latter case dispersal may be
detrimental because more individuals reach the sink habitat.
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½8%

If c–e40, the fraction of occupied patches reaches an
equilibrium, P! ¼(1 & e/c). Naturally, this basic model can be
refined. For instance, e and c can depend on the number of
occupied patches, one can take into account the size of the
patches and their explicit location, or one can consider patches of different ‘‘quality.’’
The metapopulation approach has definitely an appeal for
studying countryside landscapes, because habitat loss and
disturbance leads to populations inhabiting interconnected
fragments, therefore following closely the premises of the
metapopulation’s theory framework. For example, Kuemmerle
et al. (2011) used a metapopulation model to assess different
strategies to establish (meta) populations of the European
bison (Bison bonasus) in the Carpathians. However, in contrast
with Skellam’s model presented in the previous section, it
assumes that the matrix (e.g., agricultural land) is only used
for dispersal (Figure 4(a)). Notice that Skellam’s model allows
for the matrix to be used as sink habitat, and therefore tracks
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the source-sink dynamics of populations across the entire
landscape (Figure 4(b)).
Another important difference between source-sink models
and metapopulation models concerns the impact of dispersal
ability. While in metapopulation analyses the role of dispersal
is beneficial because individuals can colonize more patches, in
reaction–diffusion models dispersal affects the population
negatively because individuals tend to disperse away from
good patches to sink habitats where population growth rates
are negative (e.g., Borda-de-Água et al., 2011). This disparity
arises because the source-sink dynamics of Skellam’s model
are deterministic and the metapopulation models are stochastic. In a stochastic environment it may be advantageous to
disperse to spread the risk between different patches, while in
a deterministic environment dispersal is costly and tends to be
disadvantageous (but see Hamilton and May, 1977 for a
competitive benefit of dispersing individuals in a deterministic
environment).
How do the relative costs and benefits of dispersal play out
in fragmented landscapes or countryside habitats? Unfortunately, most metapopulation models ignore the population
costs of dispersal and are unable to answer this question.
Casagrandi and Gatto (1999) tackled this issue by developing
a stochastic model that takes into account the number of individuals in each patch and, importantly, that takes into account dispersal mortality or inability to colonize. They show
that only when dispersal rates are very small does the probability of persistence of the metapopulation increases, otherwise, the probability of extinction increases when dispersal
increases (Figure 5).
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Figure 5 Population persistence (white area) as a function of the
intrinsic rate of increase (y-axis) and dispersal rate (x-axis). When
dispersal increases then the region of parameters where deterministic
extinction occurs increases as well (dark-gray area). However for very
small values of the dispersal rate (Do0.25) extinctions caused by
demographic stochasticity decrease when the dispersal rate increases
(light gray area). Reproduced from Casagrandi R and Gatto M (1999)
A mesoscale approach to extinction risk in fragmented habitats.
Nature 400: 560–562, with permission from Nature.

Most metapopulation studies focus on a single species, but
metapopulation models have also been applied to communities of species (Nee and May, 1992; Tilman et al., 1994;
Marvier et al., 2004). For example, Tilman et al. (1994) used a
multispecies model to study the extinction debt in a fragmented landscape, and concluded that the most abundant
species in an undisturbed habitat can be the most susceptible
to extinction after habitat destruction. This happened because
in their model there was a trade-off between being best
competitor and best colonizer; hence, if fragmentation affects
colonization, the species that had previously been the best
competitors, and so the most abundant, became the most
affected because of limitations to dispersal due to fragmentation. More recently, Keith et al. (2008) have integrated
metapopulation models with bioclimatic envelope models to
look at the response of a community of 234 plant species of
the South African fynbos to climate change. They used age/
stage-based matrix models to track the population size in each
patch, and incorporated density dependence, environmental,
and demographic stochasticity in the model, using the software RAMAS GIS (Akc- akaya, 2000). A similar approach could
be used to model the biodiversity dynamics of land-use
change, where the bioclimatic envelope models and associated
climate scenarios would be replaced by habitat suitability
models applied to land-use change scenarios.

Neutral Theory
While source-sink and metapopulation models were originally
developed to study one species at the time, the neutral theory
of biodiversity and biogeography (Hubbell, 2001) has at its
core the relative abundance of species within a community. By
‘‘neutral’’ it is meant that all species in the same trophic level
have the same probability of dying, reproducing, and speciating. Such an approximation has proved very controversial
among ecologists (McGill, 2003; Clark, 2009), but the theory
has inspired many recent studies in theoretical and applied
ecology (for a review see Rosindell et al., 2011). We should also
point out that the classic Theory of Island Biogeography (Mac
Arthur and Wilson, 1967) is also neutral because it assumes
that all species are equal in their ability of dispersal, colonizing, and becoming extinct. An important difference, however, is that the Theory of Island Biogeography assumes
neutrality at the species level, while neutral theory does it at
the individual level and, as a consequence, the Theory of Island Biogeography can deal with species richness but not
relative abundance.
In the original version laid out by Hubbell (2001), neutral
theory considered two different scales: the local community
corresponding to the local scale (e.g., the trees of a 50 ha plot
of tropical rain forest), and the metacommunity corresponding to the regional scale (such as the Amazon basin). At
both scales death and birth are part of the model, but while in
the metacommunity speciation is the driving force providing
new species (and, in the process, avoiding community dominance by a single species), in the local community that role is
provided by migration of individuals from the metacommunity. According to the neutral theory model, at each time step
an individual dies and is replaced with a new one. When
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dealing with the local community, the new individual can be
from a local species or an immigrant from one of the species
in the metacommunity (that may or may not be present in the
local community). The important characteristic of the theory
is that all the processes are function of the species relative
abundances; for example, if there is a migration event, the
probability of choosing a species from the metacommunity is
proportional to its abundance there. The evolution of the meta
and local communities leads to the number of species and
their relative abundance to reach an equilibrium value, characterized by the speciation and migration rates. This, however,
is a dynamic equilibrium because species abundances drift
over time; therefore, the species composition may change. It is
only the number of species and their relative abundance that
remain approximately constant.
Halley and Iwasa (2011) used a simplified version of neutral theory, by ignoring the immigration term, to estimate the
time for accruing extinction debt in an isolated fragment.
Under their model they derived the following diffusion
equation:
#
$
#
$ X
S&1
S&1 X
X
2xi xj
qp
q 2 xi ð1 & xi Þ
q2
¼
p
p &
2
qt
q xi
q xi q xj Nt
Nt
i¼1
i ¼ 1 j4i

½9%

where S is the number of species in the community, N the
number of individuals in the habitat fragment, t is the
mean generation time, xi is the relative abundance of species i,
and p(x1, x2, x3, y, xS&1) is the distribution of the relative
abundances for up to the last species, whose relative abundance
is xS ¼1 & x1 & x2 & x3y & xS-1. From this equation, they calculated the analytical expression for the time it takes for the
number of species to reach half of its original size, S0, as
t50 ¼ tN=S0 . The decay over time of the number of species is
given by
SðtÞ ¼

S0
1 þ t=t50

½10%

Halley and Iwasa found very good agreement between their
model and published empirical results for avifauna relaxation
in fragments of intermediate size (100–100,000 ha), but noticed that the model broke down either for very small or very
large areas, and hypothesized that this breakdown was due to
the lack of immigration and speciation in their model.
Other studies have applied neutral models to estimate the
number of tree species extinctions in the Amazon Basin for
spatially explicit deforestation scenarios (Hubbell et al., 2008),
and to predict the rate of extinction of tree species in isolated
fragments of the Amazon forest (Gilbert et al., 2006).

Concluding Remarks
There is now a wide range of models available to look at
biodiversity dynamics on countryside landscapes. Processbased models require more parameters than phenomenological models, and therefore they have been mostly applied
to local scales and to a single species or a small set of species.
In contrast, phenomenological models may require as little as
one parameter, and they have been applied to projecting
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changes at global to regional scales for the total number of
species. However, phenomenological models have also been
used at the landscape scale, and there have been attempts to
generalize and upscale the projections of process-based
models. The type of projections needed (e.g., individual species vs. species groups, time to extinction vs. number of extinctions) and the data available are the key factors in
determining the most appropriate model.

Appendix
List of Courses
1.
2.
3.
4.
5.

Applied Ecology
Biodiversity and Ecosystem Services
Biodiversity and Global Changes
Environment and Land Planning
Population Resources and the Environment

See also: Biodiversity, Definition of. Conservation Biology, Discipline
of. Dispersal Biogeography. Diversity, Community/Regional Level.
Extinction in the Fossil Record. Island Biogeography. Land-Use
Patterns, Historic. Loss of Biodiversity, Overview. Mammals,
Conservation Efforts for. Metapopulations. Plant Conservation.
Population Dynamics. Rainforest Loss and Change. Species–Area
Relationships
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